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abstract
In the open ocean, the movements and habitat use of large
mobile predators are driven by dynamic interactions between biological and physical variables and complex predator–prey relationships. Understanding the spatial and temporal distributions
of pelagic fishes and sharks is a critical component of conservation and fisheries management. Here, we report on a novel nonextractive method for the study of pelagic wildlife, based on baited
stereo-camera rigs. The mid-water rigs were derived from existing methodology commonly used in demersal fish surveys. We
present new data from 66 moored deployments in Shark Bay, Western Australia (26°10′ S, 113°06E) in seabed depths of up to 60 m
as a demonstration of the rigs’ ability to resolve spatial variability in pelagic fish and shark assemblages, and to make accurate
stereo-measurements of animal lengths. We observed 248 pelagic
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fishes and sharks from 27 species and 10 families and were able
to distinguish between assemblages based nominally on location.
We make some general recommendations on optimal deployment
protocols and sampling effort regimes, based upon species accumulation rates and times of Max N (maximum number of individuals of a given species in a single video frame). Regression analyses
between high quality and low quality stereo-measurements of fish
fork-lengths and range were highly significant, indicating that body
lengths and distance estimates were consistent even when stereomeasurements were deemed of low quality. Mid-water stereovideo camera rigs represent an efficient tool for the rapid and
non-extractive monitoring of pelagic fish and shark populations,
with particular relevance for application in no-take marine protected areas.
Crown Copyright © 2013 Published by Elsevier B.V. All rights
reserved.

1. Introduction
Following the overexploitation of a number of coastal fish species in the 20th century (Jackson
et al., 2001), many populations of now threatened pelagic fish and sharks have collapsed (Dulvy
et al., 2008; Myers and Worm, 2003; Clarke et al., 2006; Collette et al., 2011). Declines in pelagic
fish and shark numbers (henceforth referred to as ‘pelagics’) have been a source of debate, in part
because of difficulties in managing high-seas fisheries (Sumaila et al., 2007; Cullis-Suzuki and Pauly,
2010), but also because the lack of fishery independent time series data impairs the assessment and
quantification of long-term trends in abundance (Myers and Worm, 2003; MacKenzie et al., 2009;
Polacheck, 2006; Sibert et al., 2006; Hampton et al., 2005). Commercial catch statistics have several
limitations (Schnute and Richards, 2001), such as temporally and spatially uneven sampling effort,
discrepancies in gear efficiency, and imprecise reporting. Further challenges associated with the
robust sampling of pelagics relate to the animals’ low overall densities (Ramirez-Llodra et al., 2010),
their temporally and spatially heterogeneous distributions (Graves, 1996), and complex associations
with seabed topography (Worm et al., 2003; Morato et al., 2010).
Scientific tagging efforts have provided a wealth of knowledge on the movements of large marine
predators, allowing the investigation of habitat use by a variety of species over both meso- (Brill
et al., 1999) and ocean-wide scales (Block et al., 2011, 2005). However, such studies are invasive,
and can be expensive (e.g. satellite tags may cost up to US$5000 each), and logistically challenging,
particularly with regards to animal handling. Active acoustic biomass assessments are becoming
widespread in fishery-related surveys (MacLennan, 1992) as they can provide information on the
abundance and biomass of pelagic assemblages. These techniques have particular vessel requirements
such as low noise outputs (Fernandes et al., 2000), and they do not typically provide accurate
information on species composition, particularly when diversity is high. Moreover, the low densities
of popular commercial species typically encountered in open waters (for example 1.3 yellowfin tuna
per km2 , Bertrand and Josse, 2000) means that acoustic surveys of pelagics are often conducted around
fish aggregation devices (FADs, Doray et al., 2009; Josse et al., 1999; Moreno et al., 2007), which
are themselves subject to high temporal variability (Doray et al., 2009). As FADs act as ‘ecological
traps’ by aggregating pelagics (Girard et al., 2004), populations may appear stable due to continuous
replenishment from neighbouring waters (‘hyperstability’) (Hilborn and Walters, 1992) and the large
catchment area (10 km diameter, see Dagorn et al. (2010)) inherent to FADs may be inappropriate for
detecting local trends in animal abundance.
Large marine protected areas (>10,000 km; MPAs), where fishing activities are restricted to
varying degrees, offer broad protection for marine biodiversity and are increasingly being advocated
as refuges for pelagics (Sumaila et al., 2007; Koldewey et al., 2010; Game et al., 2009). Consequently,
there is a need for effective and non-invasive monitoring of pelagics such that the benefits of MPAs
with respect to population recovery or maintenance (in the case of healthy populations) can be
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evaluated (Kaplan et al., 2010). Baited camera surveys, initially developed for use in the deep sea (Isaac
and Schwarzlose, 1975), are becoming increasingly popular as a non-invasive method for sampling
marine systems, and have been successfully applied in fragile habitats and marine sanctuaries at a
range of depths (Watson et al., 2007; Heagney et al., 2007; McLean et al., 2010).
Baited camera surveys have a number of attributes that render them promising in the context
of pelagic monitoring. Firstly, they are more effective at sampling predators than underwater visual
surveys (using SCUBA divers, see Langlois et al. (2010)). Baited camera surveys may thus be of
particular use in pelagic systems, where most fish are shy secondary or higher-level consumers,
and actively avoid divers, making underwater visual surveys impractical. Secondly, they are nonextractive and can be validated against extractive methods such as long-line surveys, trawls and
trap fisheries (Brooks et al., 2011; Cappo et al., 2004; Langlois et al., 2012; Newman et al., 2011).
The relatively quick deployment time means that it is possible to generate several samples with
multiple baited camera rigs. This latter attribute is particularly conducive to sampling pelagic species
exhibiting low population densities and heterogeneous distributions where sampling effort needs to
be maximised. Thirdly, relative abundance is assessed using Max N and offers a conservative estimate
of abundance. Max N is calculated as the maximum number of animals of a given species observed in a
given frame of video (Bailey et al., 2007) (effectively avoiding double counts) and has been shown to be
robust through time (Mclean et al., 2011) and space (Langlois et al., 2012). Fourthly, other important
metrics can be derived from baited camera surveys, such as the time of first arrival TFA (Priede and
Merrett, 1996), a highly sensitive abundance proxy when monitoring low-abundance species that
has been correlated with catch per unit effort (CPUE)-derived abundance (Priede and Merrett, 1996).
Finally, the stereo camera configuration allows individual body length estimates to be produced for
many of the observed animals (Harvey and Shortis, 1996), which can be used to determine lengthderived demographic metrics such as age structure.
Here we present a new stereo mid-water video camera system, which relies on inexpensive, offthe-shelf, GoPro cameras. The study was motivated by the need to develop a non-extractive method
for monitoring the abundance of pelagic species and generating accurate lengths measurements, both
of which are key attributes of population and assemblage structure. The overall aim was to develop a
technique that would produce data directly relevant to the implementation and monitoring of pelagics
in large MPAs.
In our field trials in Shark Bay, Western Australia, we aimed to demonstrate the utility of the
method by:
(1) detecting differences in pelagic fish assemblages across locations;
(2) assessing the performance of GoPro cameras with respect to measurements length and fish range;
(3) presenting generic recommendations on deployment duration and sampling effort based upon
species richness and Max N accumulation curves for future mid-water camera deployments.
2. Material and methods
2.1. Study site
Shark Bay, Western Australia, (25°30′ S 113°30′ E) is a large embayment nestled between the
Australian mainland and Dirk Hartog Island, approximately 800 km north of Perth (Fig. 1). The bay
provides sheltered habitats in an otherwise dynamic and exposed coastline, and has the largest known
area of seagrass beds/meadows in the world (Wirsing et al., 2007). The embayment is shallow (average
depth ∼10 m) and constitutes a hotspot for charismatic wildlife, including birds, dugongs, turtles,
migrating humpback whales, bottlenose dolphins and numerous shark species. Strong currents and
steep bathymetry gradients render the bay’s southern passage and the islands’ western slope suitable
habitats for large pelagics, such as sharks, tunas, and mackerels.
2.2. Rig design and deployment
Each mid-water camera rig consists of a stainless steel frame (height 1400 mm, base bar 960 mm,
Fig. 2), and a pair of GoPro HDHero2 cameras in stereo configuration and encased in Backscatter flat
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Fig. 1. Sampling stations in Shark Bay, Western Australia. Sampling was conducted along three transects following the
westward 60-m isobath, in a north to south direction (Ocean location), along the 10-m and 20-m isobaths at the entrance
of South Passage, in a north to south direction (South Passage location), and inside South Passage, in a north-west to south-east
direction (Sandy Bay location).

port underwater housings. A complete rig weighs approximately 12 kg. Housings are bolted to the
base bar 800 mm apart, with each camera having an inward convergence angle of 4° to allow for an
optimised field of view of up to 10 m (Priede and Merrett, 1996). A bait arm (1.2 m) sits horizontally
through the centre of the frame, and serves to hold a bait chamber at a designated and adjustable
distance from the cameras. The arm also functions as a sea-anchor and stabilises the rig when moored
in moving water, aligning it in the current and limiting the rotation of the rig such that the cameras
point downstream.
In this study, each mid-water camera rig was moored with an anchor, an anchor line, surface
floats, and an individual tether line to the rig (Fig. 2). A number of different mooring configurations
were trialled where variations on the rig suspension and weight systems were tested to reduce
camera shake/bounce and maximise footage quality (Supplementary material A can be found online
at http://dx.doi.org/10.1016/j.mio.2013.11.003). With current camera housing pressure ratings,
deployment depth is limited to 55 m but sampling can occur at any depth within this range by
adjusting the length of the tether line. Typical deployment time per mooring was 5 min.
2.2.1. Experimental design
A total of 66 mid-water camera deployments were made between the 18th and 23rd of April 2012,
between 9 am and 2 pm. Deployment duration ranged between 120 and 135 min. Most deployments
occurred along the 20-m isobaths just outside South Passage (n = 29), followed by deployments
at the Ocean location (n = 18) and Sandy Bay (n = 14) (Fig. 1). A few experimental deployments
were conducted within the Gulf itself (n = 5). Several bait types were also tested as attractants: 39
deployments used pilchards (Sardinops agax) and squid (hereafter PS) in a suspended bait bag, and 27
deployments were made with a combination of pilchards, squid and a ‘‘slurry’’ (PSS) in a perforated
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Fig. 2. An individual mid-water camera (left panel, bait is absent in this image), and a schematic representation of free-floating
and moored deployment configurations (right panel). See Supplementary material A for overview of various configurations.

container suspended from the bait arm. The slurry consisted of a highly liquidised bait mixture of
pilchards and squid. The pilchard to squid ratio was approximately 1:1 in both PS and PSS attractants.
The cameras were suspended at 5 m below the sea surface with the exception of the deployments at
the Ocean site (n = 8 at 10 m, n = 5 at 20 m, and n = 5 at 40 m).
2.2.2. Video analysis, metrics, and stereo-measurements
All measurements were completed using the EventMeasure software package (www.seagis.com.
au). Video analysis commenced at the point when the rig stabilised at its sampling depth and continued for 120 min. Individual animals captured on camera were identified to the lowest taxonomic
level possible. The time of first arrive (TFA), maximum individual in a frame of a given species
(Max N), and time of Max N were recorded. Camera calibrations were performed independently
in an enclosed pool environment for each mid-water rig, enabling stereo photogrammetry of fork
length and distance-from-camera (range) to be undertaken on the resulting footage (Harvey and
Shortis, 1996). Synchronisation of the two videos was achieved using a clapper-board within the
field of view of both cameras prior to deployment. We used synthetic targets of known lengths
(473.20 and 764.00 mm, the lengths of the calibration bar) to test the accuracy of the stereo camera systems following calibration.
2.2.3. Statistical analysis
We analysed the effects of location (South Passage (SP), Ocean (O), and Sandy Bay (SB)) on both
univariate (species richness and Max N and multivariate (assemblage composition) metrics. The effect
of different attractant type (PS, PSS) was considered as a separate factor. For the univariate case,
Euclidean distance matrices were calculated and permutational ANOVA used to test for differences
among locations and between attractants. As the data were not orthogonal (i.e. only PS was used
as an attractant in the Ocean (O) location), the effects of location and attractants were tested
separately. Attractants was tested within locations where both attractants were present (SP and SB).
Permutational ANOVA was applied also on the multivariate species assemblage data, as a function of
location and attractant. The data were counts and included joint zeros, so the Bray–Curtis resemblance
matrix was calculated. A canonical analysis of principal coordinates (CAP) Anderson and Willis
(2003) was conducted to constrain and visualise the ordination of the species compositional data in
multidimensional space. All of these analyses, as well as the calculation of the species accumulation
curves (Ugland et al., 2003), were carried out in the software PRIMER v6.0 (Clarke and Gorley, 2006).
Measurement accuracy, based on calibrations prior to sampling, is estimated by root mean square
(RMS, in mm) values which are computed for each end point of the length measurements (fork length,
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the head and tail position of the target fish) (www.seagis.com.au). RMS error takes the difference
between the observed values and estimated values (as predicted for the stereo video) for each end
point of the object to be measured (x-y-z coordinates, as defined by the users in Eventmeasure),
squares it, determines the mean square, and then finds the root of the resulting value (Hyndman
and Koehler, 2006). The relationship between the observed value (θ̂ ) and estimated value (θ) can
be expressed by Eq. (1).
RMS (θ̂ ) =

√

E ((θ̂ − θ)2 ).

(1)

Conventionally, measurements that generate RMS values less than 20 are considered to be accurate (www.seagis.com.au). Length measurements at distances greater than 8 m may also lead to
deterioration in RMS values and are typically excluded. The individual lengths and range measurements were classed into two groups: RMS ≤ 20(RMSL ) and RMS > 20(RMSH ) where the subscripts
L and H refer to ‘‘low’’ and ‘‘high’’ respectively. For each species for which length and range estimates
were available for both groups (RMSL and RMSH ), we calculated the mean length and mean range for
each group. Mean values were log 10-transformed to stabilise variance (Zar, 1975) and values of log 10
(RMSH ) for length and range were regressed on the corresponding values for log 10 (RMSL ), reflecting our assumption that the RMSL values are a more accurate representation of lengths and ranges.
Our hypothesis was that the slopes and intercepts of these relationships were equal to 1 and 0 respectively, indicating no difference between the mean estimates of length and range as a function of
RMS values. This regression assumes the same length in the fish at RMSL and RMSH . We made also
multiple measurements of individuals representing eight species across the observed length range
(approx. 50 mm to greater than 1.5 m) and calculated the coefficient of variation to assess variability
in repeated measures. Finally, to assess whether RMS varied systematically as a function of camera
position (individual rig being used), a Chi-Square goodness of fit test determined whether the number
of RMSH measurements were evenly distributed across the five rigs.
3. Results
A total of 761 fishes and sharks were observed on the 66 deployments. Of these, 248
(33%) individuals were classified as pelagic species and 513 (67%) were classified as demersal, based on descriptions from the online FishBase repository (Froese and Pauly, 2011). This
sample represented ten families and 27 species of pelagic fishes and sharks and 19 families and 31 species of demersal fishes (supplementary material B1 can be found online at
http://dx.doi.org/10.1016/j.mio.2013.11.003). Of the 761 fishes, 34 individuals (4.6%) were only identified to family level with almost all of these (94%) being pelagics (supplementary material B2 can be
found online at http://dx.doi.org/10.1016/j.mio.2013.11.003). Lengths were measured for 107 individuals (43% of observed pelagics), representing ten families and 22 species. Species where individuals
maintained too great a distance to the camera to allow for any length measurements including the
sharks Carcharhinus cautus, Carcharhinus limbatus, Galeocerdo cuvier, and Rhizoprionodon acutus, and
the golden trevally Gnathanodon speciosus.
3.1. Presence/absence of pelagic species by location and attractant
Pelagic species were observed on 70% (n = 46) of deployments. In terms of presence/absence,
pelagic species occurred in a similar proportion of deployments at the Ocean (72.2%), South Passage
(71.4%), and Sandy Bay (69.0%) locations, but were marginally less common in the exploratory sites in
the Gulf (60%). In terms of attractant type, 71% of deployments with PS and 67% of the deployments
with PSS attracted pelagic species, consistent with the overall average.
3.2. Species richness, abundance and time of arrival
The number of pelagic species per deployment varied between zero and six, with an average of
1.7 (SD = 1.63) species. The total abundance of pelagic fishes and sharks varied between zero and
26 with a mean value of 3.03 (SD = 4.22, Fig. 4(B)) individuals per deployment. Considering only
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Fig. 3. (A) Species accumulation curve for all samples, (B) and cumulative proportion ±SD of species per 15 min of video
footage, across all samples, with fitted smooth (y = 0.24x0.65 , R2 = 0.99).

those deployments where pelagic species were present (n = 46), the mean number of species per
deployment was 2.4 (SD = 1.4) and the mean total abundance per deployment was 4.3 (SD = 4.5).
Permutational ANOVA indicated that neither species richness nor abundance varied significantly with
location (O, SP and SB; p = 0.43 and p = 0.88 respectively) or attractant (PS and PSS; p = 0.53 and
p = 0.31 respectively).
All samples were used for the species accumulation curves and time analyses, given only a very
small proportion of samples (<15%) had truncated video lengths due to problems with memory cards
(<120 min), and because their inclusion did not influence the overall patterns observed. Similarly,
we used time of Max N rather than TFA as these two times were coincident for 93% of observations.
Species accumulation curves suggested that the number of new species was still increasing with
approximately 50 samples (Fig. 3(A)). An analysis of the percentage of species per deployment as
a function of time of Max N suggested that approximately 80% of the species observed on a given
deployment arrived within the first 90 min (Fig. 3(B)). Time of Max N varied across species with
20% of them arriving within the first hour of deployment, 33% between 30 and 60 min, 37% between
60 and 90 min and only 7% in the final 30 min of footage (Fig. 4(A)). There were no apparent patterns
between time of Max N and Max N. The blacktip shark (Carcharhinus limbatus; n = 2) and sandbar
shark (Carcharhinus plumbeus; n = 2) were among the fastest arrivals with Max N recorded within
5 min of camera deployment while the slender longtom (Strongylura leiura; n = 2) and the shark
mackerel (Grammatorcynus bicarinatus; n = 2) were the latest to be recorded (arriving at 105 and
120 min, Fig. 4(B)).
3.3. Pelagic species composition
The composition of the pelagic assemblage differed by location (PERMANOVA: p = 0.002).
Specifically, the Ocean location differed from South Passage (p = 0.002) and Sandy Bay (p = 0.001)
with no significant differences detected between the latter two locations (p = 0.12, Fig. 5). The Ocean
location was characterised by relatively abundant longfin trevally (Carangoides armatus, Fig. 6),
distinguishing it from both South Passage and Sandy Bay. South Passage had relatively high
abundances of silver toadfish (Lagocephalus sceleratus) while Sandy Bay was characterised by
relatively high numbers of narrow-banded Spanish mackerel (Scomberomorus commerson, Fig. 6).
There was no effect of attractant within the SP and SB sites (p = 0.73 and p = 0.69 respectively).
3.4. Length and range measurements
The comparison of estimated lengths derived from the GoPro stereo rigs and known synthetic
lengths (calibrated prior to the survey) indicated a mean length measurement difference of 4.81 mm
(min = 0.33, max = 10.2 mm) and 9.4 mm (min = 1.03, max = 22.2 mm) for the 473.2 mm
and the 764 mm calibrations respectively. Lengths and range measurements were generated for
105 individual animals, or 42% of the 248 identified and enumerated pelagics. These individuals
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Fig. 4. Mean time of Max N (±SD) (A), and mean Max N ±SD (B) by species.

represented 78% of the 27 species for which Max N estimates were recorded. Length varied from
a 38 mm juvenile longfin trevally (Carangoides armatus) to a 1.55 m Indo-Pacific sailfish (Istiophorus
platypterus). RMS values ranged from 0.5 to 97.9, with a median value of 29.9. Of these measurements,
66% exceeded the conventional RMS cutoff of 20 and were coded as RMSH , with the remaining 34% of
measurements coded as RMSL . There were eight species for which length and range estimates existed
for both the RMSH and RMSL groups. The regressions between the mean values for the RMSH and
RMSL groups for both length and range were highly significant (p = 2.44 × 10−5 and p = 1.29 × 10−5
respectively; Fig. 7). Most importantly, the RMSH and RMSL values were highly correlated (r 2 ≥ 0.96
for both length and range) with the slopes and intercept not significantly different from 1 and 0
respectively (Table 1). The mean coefficient of variation of the repeated measurement was 6.1%, for the
eight species. There was no apparent effect of a specific rig on RMS values, with a Chi square goodness
of fit test indicating that none of the five rigs was more or less likely to have high RMS values (X20.05[4] ;
p = 0.52).
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Fig. 5. Canonical analysis of principal coordinate analysis and multidimensional scaling of site similarity, by location (Ocean,
South Passage, and Sandy Bay). Canonical axes separated fish assemblages present at different locations.

Fig. 6. Average species abundance (Max N), at Ocean location (A), South Passage (B), and Sandy Bay (C).
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3.5

3

Model metric

Length

Range

p
R2
MSE
B0 (SE)
CIL –CIU
B1 (SE)
CIL –CIU

2.44E−05
0.96
0.115
0.029 (0.23)
0.54–0.6
1.038 (0.089)
0.82–1.26

1.29E−05
0.97
0.059
−0.15 (0.28)
−0.84–0.54
1.07 (0.08)
0.87–1.27

B
log10(Range RMSH)

A
log10(FL RMSH)

Table 1
Regression statistics for RMSH vs RMSL values for Length and Range based on n = 8
species, where MSE is the model standard error and we report the intercept (B0 ) and
slope (B1 ) with their associated standard errors (SE) and lower and upper confidence
limits (CLL –CLU ).
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Fig. 7. Regressions showing relationship between mean values of high RMS lengths (A) and ranges (B) for fish species.

4. Discussion
The aims of this study were to demonstrate the capacity of mid-water baited camera surveys to
describe pelagic fish assemblages and distinguish associations, nominally as a function of location.
In order to maximise analytical power in future studies, we aimed to conduct attractant trials, and
characterise the use of abundance proxies such as Max N and time of Max N. Here, our proof-ofconcept study demonstrates that mid-water cameras can be used to distinguish assemblages and
produce accurate measurements and range estimates.
4.1. Species accumulation and effect of location
The low rate of species accumulation across both number of deployments and deployment duration
is a direct consequence of the low overall densities of fish typical of the pelagic realm, compared
with many demersal habitats (Misund, 1993). Similarly, the high variability in Max N is indicative
of high spatio-temporal heterogeneity, and high packing density typically encountered in shoals and
schools (Chapman and Clynick, 2006). It follows that sampling in the pelagic environment requires
greater effort than in demersal habitats.
Due to the experimental design we cannot rule out the confounding effects of attractants and
location (and potentially depth) and we thus refer to the effect of location as a nominal effect. We
could not discern an effect of attractants within locations where both attractants were used, but
this may also be an artefact of small sample sizes. Given that the locations differed quite markedly
in their physical characteristics (depth, water movement), it is not unreasonable to assume that
location may be influencing the assemblage composition, noting that location did not affect species
richness or abundance, a possible consequence of the overall low numbers of species and individuals.
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The high abundance of Carangoides armatus juveniles in the Ocean location is likely a function of
positive thigmotaxis towards the camera structure (typical for many juveniles, see Chapman and
Clynick, 2006) as the fish were not observed feeding on bait. Moreover, thigmotaxis would probably
not influence the mid-water assemblage representation in the shallow waters (<10 m) of South
Passage and Sandy Bay, where the influence of seabed rugosity competes with the rig structure as
a source of shelter. Regardless of whether this is a true effect of location or not, this demonstrates that
assemblages can be sufficiently sampled to distinguish differences at the compositional level.
Our decision to classify fish as either pelagic or demersal based upon the description from
FishBase (Froese and Pauly, 2011) may not capture the subtle differences in habitat association
amongst different species. Most hotspots of pelagic diversity occur in association with, or adjacent
to, coral reefs, seamounts, shelf breaks or other prominent topographical features (Worm et al., 2003;
Morato et al., 2010). Since species that preferentially associate with the seabed sometimes appeared at
South Passage and Sandy Bay, we most likely lost power to distinguish fish assemblages by restricting
our analysis to those species defined as ‘pelagic’, and the distinction in fish assemblage is probably
conservative.
In contrast to Heagney et al. (2007)’s methodology, we did not cap deployment durations at 45 min,
a value conventionally used in demersal baited remote underwater video systems studies (Watson
et al., 2010). From our results, the highest rate of time of Max N occurred between 60 and 90 min
(37%). Moreover, for the majority of our species (57%), Max N occurred after 45 min and some species
were only ever observed after 90 min (Strongylura leiura and Grammatorcynus bicarinatus). In contrast
to the high fish densities observed on the seabed, animal numbers in the pelagic zone are low, and as
such, it is not immediately clear that similar deployment duration in the pelagic would yield sufficient
power to detect discrepancies in spatial or temporal patterns detected in the demersal over such
time periods. It is likely that further sampling in Heagney’s study (Heagney et al., 2007), would have
revealed higher abundances of more slow-swimming and/or rare species.
4.2. Stereo measurements
The analysis of high and low RMS value measurements suggested that length estimates derived
from GoPros are sufficiently accurate to be used for calculating individual species biomass. Whilst the
slope and intercepts were not significantly different from 1 and 0, the regression equation did indicate
that on average, lengths and ranges associated with high RMS values were slightly overestimated
compared to those derived from low RMS values. However, the high correlations we observed suggest
that RMSH values can be back-corrected to length and range estimates consistent with low RMS values.
Length and range were not correlated with their associated RMS values, suggesting that high RMS
values were independent of animal length and distance from the camera within the 8 m cutoff range.
Concerns have been raised with respect to the use of GoPro cameras for length based
measurements as (1) they rely on image stabilisation algorithms that are unique to each individual
camera and (2) GoPros utilise rolling shutters instead of global shutters, which can distort high
speed objects, and thus lead to high RMS values (Liang et al., 2005). In the former case, we found no
systematic variation in RMS values by rig. In the latter, a preliminary analysis of RMS values associated
with objects of known lengths moving between 0.4 and 1.4 m/s showed no effect of speed (Meeuwig
unpubl.), the slowest of which are equivalent to the cruising speeds calculated for reef sharks from
stereo BRUVS (Ryan unpubl.). GoPro derived lengths are therefore unlikely to be problematic for most
individuals apart from those moving at speeds more than three times that of a cruising shark. As
analysts can also choose windows of relatively slow movement, this concern is likely largely irrelevant.
The mid-water rigs also allowed for similar rates of length measurements to be made in comparison
to rates of demersal stereo-BRUVS. We estimated lengths for 42% of the observed individuals and 78%
of the observed species. This level of efficiency is higher than that in a previous demersal fish survey
in Shark Bay using stereo-BRUVS, where length estimates were made for 30% of observed individuals
and 70% of the species (Liang et al., 2005). More generally, the mid-water rigs’ efficiency is similar
or slightly less than that of a range of demersal stereo-BRUV surveys undertaken in tropical Western
Australia, where on average 47% of individuals and 87% of species were measured (Meeuwig, unpubl.
data). The ability to measure lengths for a proportion of individuals and species comparable to those
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recorded by BRUV-based analyses in Shark Bay (Clough, 2010) is promising, and the proportion of
species measured is likely to increase with increased sampling effort.
Although there are some minor differences at higher RMSs values, these are typically small and
can likely be corrected with a reasonable level of confidence (see Letessier et al., 2013). However,
there is less certainty where there are very few individuals observed for a given species, and where
length can vary greatly (such as for large sharks, e.g. Galeocerdo cuvier), thus making assumptions
about representative lengths problematic. Indeed, there should have been a poor match between
RMSL and RMSH for larger animals given that different animals of potentially different lengths were
measured. However, such variation was not observed generally. For the purpose of characterising fish
assemblage size and biomass on an ecological level, minor differences in measurements constitute
a relatively small source of error and should not prohibit the use of mid-water rigs. However,
fine scale demographic analyses where precise information on length structure is required are not
recommended until a clearer picture of the bias source and extent can be determined.
4.3. Limitations of the method
The confounding effect of a bait plume and the varying catchment area of a camera system based
on bait mean that in the absence of some current proxy, areal estimates of abundance and biomass
are problematic. To overcome this restriction, Heagney et al. (2007) and Priede and Merrett (1996)
standardised Max N and time of first arrival values respectively by current-derived areal estimates,
thus providing some information on areal density. For our analyses, we assumed that any localised
current influence was consistent across our sampling location and estimate on relative measures of
abundance. However, the inclusion of small current metres could address this concern.
Studies have demonstrated that demersal baited cameras yield comparatively higher power in
distinguishing predator communities, but have lower resolution in detecting cryptic and small species
(e.g. from the families Pomacentridae, Labridae, Scaridae) when compared with diver operated video
transects and underwater visual surveys (UVC) (Langlois et al., 2010; Watson et al., 2010). Since pelagic
species diversity is relatively low compared with that in the demersal environment, and dominated
by secondary and tertiary consumers—and since diver-based methods are largely unfeasible in the
mid-water, the need to resolve differences with small fish is relatively minimal.
We did find that our capacity to generate stereo metrics was species specific, with certain species
consistently maintaining a distance to the cameras too high for adequate stereo-measurements
(>8 m, for example species like Gnathanodon speciosus). This may constrain biomass assessments
for consistently shy species, as accurate lengths are required to estimate biomass. Further studies
should attempt to derive error budgets to enable the use of high RMS values measurements incurred
by measuring shy and distant fish.
The current reliance on bait also represents a limitation. The method is non-destructive in terms of
the assemblages of interest, thus being of use within no-take marine reserves. However, it still relies
on the use of non-negligible amounts of bait. Pilchards and bait squid are of relatively low trophic
level and are considered preferable for use as bait compared to high trophic level species. However,
low trophic status has not stopped overexploitation in several occurrences and the use of bait should
be carefully considered (Dickey-Collas et al., 2010). Development of alternative attractant methods
will allow the minimisation of use of bait, further reducing the ecological impact of sampling.
4.4. Recommendations
We did not detect any clear indication of a species accumulation asymptote. As such, we recommend that sampling effort be derived from the slope of the species accumulation curve, following
the recommendations of Thompson et al. (2003). We recommend a minimum of 3 h recording duration per deployment in order to incorporate the arrival of slow-moving and late-arriving species such
as Grammatorcynus bicarinatus and Strongylura leiura. As the majority of baited camera systems deployed around Australia and New Zealand use pilchards (Dorman et al., 2012), we recommend using
thoroughly homogenised pilchard slurry as bait, contained inside a perforated PVC containers, so as
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to sustain continuous dispersal of scent throughout the 3 h and allow for standardisation by bait type
subject to such time as artificial attractants are reliably available.
4.5. Conclusion
To date, few studies have applied baited camera techniques to the investigation of mid-water
fauna (Kubodera et al., 2007), and fewer still on mid-water (∼10 m) fish (Heagney et al., 2007).
We have designed a simple and low-cost wildlife sampling and monitoring system that can be
rapidly deployed from a range of small and large vessels. Mid-water cameras can be utilised in
conjunction with conventional study techniques for pelagic species such as acoustic and satellite
tagging, active acoustics, and CPUE-based fishery surveys, and can generate information relevant to
biological conservation and fishery management.
Implementing pelagic MPAs relies to some degree on the identification and inclusion of representative pelagic communities (Game et al., 2009). The spatial management of the open ocean must necessarily consider scales much larger than those explored here, and requires sampling across seabed
depths where moorings are no longer practical. We explored this by deploying a few drifting rigs in
parallel with the sampling regime presented in this study but the results were not further analysed,
due to low replication. We envisage further studies that would explore differences in species accumulation rates across deployment duration and sampling number between drifting and moored rigs.
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